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Executive Summary
Phytoplankton (algal) blooms in the Gippsland Lakes are a recurring problem that
causes ecological degradation and can severely affect the regional economy. This
report reviews the behaviour of nutrients (N and P) in the Lakes and the control these
nutrient have over phytoplankton blooms. Based on the evidence available, a
conceptual model outlining the processes involved in the formation of blue-green
algal blooms in the Gippsland Lakes has been developed.
Large amounts of data have been collected over the past 30 years, but there is no up to
date overarching synthesis of all the available data on water quality and
phytoplankton dynamics. The data sets reported here are principally drawn from three
sources:
• EPA water quality monitoring data at fixed sites within the lakes (1989-present),
• High resolution water quality monitoring (1997-2000) and benthic flux data
collected by the Marine and Freshwater Resources Institute,
• Catchment flow and water quality data (1978 - present) collected by CMAs, DPI,
EPA and a number of sub contractors, which were used to estimate nutrient loads
to the Gippsland Lakes.
Catchment-derived nutrient loads exerted a strong, non-linear influence over average
chlorophyll a throughout the Gippsland Lakes. Chlorophyll a is used here as a proxy
for phytoplankton biomass. Logarithmic regressions for annual total nitrogen (TN)
and total phosphorus (TP) loads were able to explain 61% and 67% of the observed
variability in annual average chlorophyll a, respectively excluding Nodularia bloom
years (which showed no clear relationship to external nutrient loading). Out of the 30
year load data set, 11 years had reports of cyanobacterial blooms (usually Nodularia
spumigena) which all fell within the 19 highest TP load years. No cyanobacterial
blooms were observed at TP loadings below 100 tonnes per year, and this value could
serve as a simple empirically derived threshold target for future load reductions. To
put this in context, this would mean a reduction in nutrient loads by 90% in the
highest load year of 2007. A 70% reduction in loads in flood years would have
resulted in this threshold being exceeded 4 times in the 30 year loads data set.
Internal recycling also plays a critical role in the development of cyanobacterial
blooms. Based on detailed observations from 1997-2000, the following sequence of
events appears to result in a Nodularia bloom.
• High catchment inflows, typically during winter (June-September), lead to high
concentrations of bioavailable nutrients in the water column.
• This rapidly stimulates a diatom and/or dinoflagellate bloom, generally in June to
September. The water column nutrients are rapidly depleted and the bloom soon
collapses.
• The dead phytoplankton settle to the bottom and are broken down within the
sediments, releasing nutrients back to the water column. This process leads to a
greatly reduced ratio of N:P via two means: (a) a substantial fraction of
bioavailable N is lost via denitrification within the sediment, and (b) the high
benthic carbon mineralisation rates and low bottom water oxygen concentration
then stimulate a release of stored P from within the sediment. This shifts the
TN:TP ratio from an average of ~20 (mol/mol) in the catchment inputs to ~6 in
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the bottom waters, resulting in highly favourable conditions for the growth of
cyanobacteria, which often dominate systems with N:P ratios <15.
Strong stratification in high flow years results in an accumulation of N and P
within the bottom waters throughout late spring and summer, when warm
conditions favour cyanobacterial growth. Mixing events after this persistent
stratification, in combination with low salinity surface waters (15-20 PSU),
ultimately trigger the Nodularia bloom.

In 2007, an unprecedented Synechococcus bloom developed and has persisted through
to the winter of 2008. This bloom was most likely caused by extremely high nutrient
loads (the highest on record) entering the lakes in the 2007 flood, which followed the
2006/2007 fires that burned 2% of the Latrobe, 57% of the Thomson/Macalister, 41%
of the Mitchell and 21% of the Tambo/Nicholson catchments; a total of 32% of the
entire catchment of the Gippsland Lakes. In particular, we suggest that it was the
massive increase in the nitrate load (4 times the average and 2 times the second
highest recorded load), and subsequent persistence of bioavailable inorganic nitrogen
in the surface waters of the lakes that favoured the development of Synechococcus.
This algal species is favoured by high nitrogen environments (Beardall 2008). We
predict that, once this Synechococcus bloom collapses, it will not recur in the near
future, providing catchment nitrogen inputs do not remain elevated. This prediction is
based on the assumption that denitrification will rapidly remove N from the Lakes,
whilst P will be retained, thus returning the Lakes to a state favoured by N2 fixing
cyanobacteria such as Nodularia.
In the longer term, climate change is forecast to decrease river flows in the western
catchments, increase episodic, high intensity rainfall events (leading to an increase in
bushfires) and create breaches in the Boole Poole Peninsula through sea level rise.
Reduced flows and increased seawater exchange through a breach in the peninsula
will lead to increased salinity in the lakes. Our observations and those of others
(Kanoshina et al. 2003) suggest that Nodularia are sensitive to salinity, and so this
may reduce the frequency of Nodularia blooms and increase the frequency of more
salt-tolerant species such as Synechococcus. Increased bushfires are likely to lead to
an increase in nutrient loads, and in particular nitrate, as was observed in 2007, a
situation that will favour the growth of species such as Synechococcus.
Conceptual diagrams of the factors leading to the development of cyanobacterial
blooms post flood and in the post fire flood year 2007 are shown below. They are in
part modified from those shown in Webster et al. (2001).
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Figure a. Under low flow conditions phytoplankton biomass and water column nutrients are low. Nutrient inputs
from the catchment and benthic nutrient recycling are also low. Water clarity is high allowing deep light
penetration.
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Figure b. High nutrient loads enter the lakes from the catchment triggering diatom and or dinoflagellate blooms.
Dinoflagellates often dominate under stable, stratified conditions because they are able to migrate to the bottom
waters to meet their nutritional requirements. Upon exhaustion of the nutrients in the surface and bottom waters,
the bloom senesces and sinks to the bottom and the nutrients, in particular phosphorus, are recycled back to the
water column.
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Figure c. Phosphorus accumulates in the lower, high salinity layer of the water column, and is periodically released
to the surface water through wind driven mixing. These pulses of phosphorus in combination with warm conditions
and low salinity trigger blooms of noxious blue-green algae which derive their nitrogen through nitrogen fixation
(the same way legumes derive their nitrogen requirements).
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Figure d. Fires in the catchment release nutrients from the vegetation and the soil, which are easily washed into
waterways. The floods following the 2007 fires led to a massive load of nitrogen (in particular nitrate) and
phosphorus entering the Gippsland Lakes. A winter dinoflagellate bloom followed the 2007 floods as for previous
bloom years.
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Figure e. Relatively high nitrate concentrations persisted through the dinoflagellate bloom which transitioned to a
Synechococcus bloom in late spring to summer as the temperature warmed. The high availability of nitrogen in the
water column meant that Nodularia – which fix nitrogen – did not have the usual competitive advantage over non
nitrogen fixing species such as Synechococcus.
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Recommendations
Recommendation 1: Catchment nutrients
Previous work by CSIRO (Harris et al. 1998) recommended that phytoplankton
biomass and blooms could be reduced through a reduction in catchment-derived N
and P loads on the order of 50-70%. This report has shown that it is also critical to
consider loads derived from the upper forested catchments and associated land
management practices (i.e. fuel reduction burns, bushfires) in addition to the current
focus on urban and agricultural sources. High flow events bring the majority of
nutrient loads, and therefore management practices could be concentrated on
minimising the loads carried by these sporadic events.

Recommendation 2: Sediment nutrients
Benthic nutrient recycling and subsequent accumulation of phosphorus in the bottom
waters plays a critical role in the development of Nodularia blooms. We expect
reduced catchment nutrient loads would also decrease the release of phosphorus from
the sediment based on observations of benthic fluxes in high and low load years. In
the absence of load reductions, a number of approaches could be used to help
temporarily reduce phosphorus release from the sediment. The first is Phoslock, a
modified clay product that removes phosphorus from the water column and traps it
within the sediment. Phoslock has been successfully applied to estuaries in Western
Australia (http://www.phoslock.com.au/technical.php). Application of Phoslock in
the Gippsland Lakes would need to be targeted to areas of high phosphorus release
due to the large surface area of the lakes, which would probably make blanket
application cost prohibitive. Another approach to prevent the release of stored
phosphorus from the sediment would be to add ‘electron acceptors’ such as nitrate and
iron oxides to the bottom sediments. Adding nitrogen to lakes in order to increase the
N:P ratio has been suggested as a mechanism for reducing the incidence of nitrogen
fixing cyanobacterial blooms and instead promoting other, more benign taxa such as
green algae. In this case, however, additional nitrogen will likely lead to further
Synechococcus blooms, which may be no more desirable than Nodularia.

Recommendation 3: Predictive models
Based on the available data it is highly likely that a relatively simple and robust
statistical and/or probabilistic model can be developed to predict the likely occurrence
of phytoplankton blooms based on catchment loads, temperature, salinity and
stratification. We recommend that this possibility be investigated.
Another complimentary approach would be to use a deterministic coupled
hydrodynamic-biogeochemical model as previously applied by CSIRO to the
Gippsland Lakes. The advantage of this approach is that is can provide a spatially
explicit predictive insight into the lakes to guide management and research
requirements. Such models can now be routinely linked in real time to data collection
sondes in the field and are used to predict the likely future development of algal
blooms. The ARMS (aquatic real time monitoring system) developed at the Centre
for Water Research at the University of Western Australia, is one example of this
(http://www.cwr.uwa.edu.au/services/models.php?mdid=1). Such a model should be
easily accessible to all interested parties including scientists and managers, and should
be continuously improved as increased ecosystem understanding develops.
10

Recommendation 4: Monitoring
The high resolution monitoring undertaken between 1997 and 2000 by the Marine and
Freshwater Resources Institute (MAFRI) provided an invaluable insight into the
response of nutrient and phytoplankton dynamics (including a Nodularia bloom) to
the 1998 inflow event. These inflow events are generally extremely short lived, but
exert a strong influence over the functioning of the lakes over the following year. It is
recommended that future monitoring programs place a stronger emphasis on temporal
rather than spatial resolution, particularly for nutrients. The previous biweekly
sampling undertaken by MAFRI provided sufficient resolution for system
understanding. A robust, manual program, operated locally might therefore be
considered as a cost-effective alternative to high maintenance and potentially fickle
automated continuous monitoring. Given the strong influence of benthic recycling
over bloom formation and ecosystem health these processes should also be quantified.
Regular chamber deployments are not likely to be practical for a monitoring program
and give limited spatial coverage. Instead, we suggest that monitoring of bottom
water at appropriate and temporal scales will allow benthic fluxes to be elucidated
using a simple salt budget approach, or through a coupled hydrodynamic
biogeochemical model as mentioned above. We note that the water quality
parameters measured to date are adequate, although TCO2 (pH and alkalinity) might
also be considered for monitoring in the bottom water because it provides a good
measure of benthic respiration once O2 has been consumed. Regular observations of
the dominant phytoplankton taxa should also be made during blooms conditions.
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Global Context and Background
Eutrophication of estuaries is a significant global problem that has only received
comparatively recent attention. Our conceptual understanding of coastal
eutrophication is evolving rapidly, and it is now recognised that the effects of
anthropogenic stressors such as nutrient loads will vary greatly between estuaries
(Cloern 2001). Examples of factors that alter estuarine responses to nutrient loading
include tidal amplitude, residence time and the grazing of phytoplankton. Detailed
information on the specifics of eutrophication is therefore required from a broad range
of systems, other than the Northern temperate estuaries of Europe and North America
that currently dominate the literature (Cloern 2001). One notable feature of these
estuaries is that their river derived inputs are relatively constant in comparison to
many other regions, such as Australia, which can have a major impact on estuarine
function (Eyre 1998). Model simulations have shown that delivery of nutrients to
estuaries in an episodic manner increases their susceptibility to algal blooms and
seagrass loss (Webster and Harris 2004).
Episodic inputs of nutrients also mean that, after the initial pulse from the catchment,
benthic recycling will dominate as a nutrient source to phytoplankton, particularly in
shallow systems with high residence times (low flushing) such as coastal lagoons.
Nutrient recycling in estuarine and marine sediments is often found to favour a more
efficient recycling of P compared to N, leading to a decrease in the N:P ratio in those
waters (Caraco et al. 1990). The preferential recycling of P over N in estuarine
sediments over the longer term is fundamentally driven by the fact that a significant
amount of nitrogen recycled within the sediment is denitrified and, thus, permanently
lost. P by contrast, has no stable gaseous form, and burial is the primary mechanism
by which it is lost. Over the short term, a large fraction of the P that is mineralized
within the sediment is adsorbed onto Fe(OOH) at the sediment surface (Howarth et al.
1995). Sediments, thus, generally contain semi-stable P stores which may be
periodically released in a pulsed manner, which is strongly decoupled from N, driving
N:P ratios down to very low levels. The most commonly cited factor leading to the
release of P from the sediment is water column hypoxia (e.g. Conley et al. 2002;
Kemp et al. 2005; Koop et al. 1990). It is also recognized that sulfide production (i.e.
sulfate reduction) rates within the sediment play an important role in controlling P
storage within the sediment, primarily because sulfide leads to the reductive
dissolution of FeOOH (Jensen et al. 1995). Irrespective of the exact mechanism, the
corollary of this is that episodically driven estuaries are likely to have internal N:P
ratios well below the land derived loading rate.
It is generally accepted that reduced N:P ratios will lead to an increased dominance by
N2 fixing cyanobacteria within marine and freshwater ecosystems e.g., (Kahru et al.
2000; Smith and Bennett 1999), and it has been suggested that an N:P ratio of <15 is
the critical threshold for cyanobacterial dominance (Paerl 2008). Well known
examples of estuaries that experience cyanobacterial blooms include the Peel Harvey
Estuary, the Neuse River Estuary and the Baltic Sea. All of these have either low
TN:TP loading ratios derived nutrient loads with molar total N:P ratios (10-12) in the
cases of the Neuse River, and Peel-Harvey Estuaries or low bottom water ratios (~214) owing to recycling processes in the case of the Baltic Sea (Christian et al. 1991;
Kahru et al. 2000; McComb and Humphries 1992). Besides these examples, reports

12

of cyanobacterial blooms within estuaries are relatively rare, and it is generally
thought that physical chemical and biological factors combine to restrict the
abundance of cyanobacteria (and in particular N2 fixing bacteria) within estuaries to
areas with salinities of <12 (Howarth and Marino 2006; Marino et al. 2002). As noted
previously, however, the vast majority of the literature is derived from northern
temperate systems, and so this paradigm may no be globally applicable, particularly
within Australia, where there are many, although less well known, reports of
cyanobacterial blooms (in particular Nodularia spumigena) within estuaries (Davis
and Koop 2006; Francis 1878; Jones et al. 1994; Lukatelich and McComb 1986).
Aside from the Baltic Sea, there are no detailed published studies of estuarine
cyanobacterial blooms which have simultaneously considered the biogeochemical
controls over estuarine nutrient dynamics and how this contributes to bloom
formation. Here we present a set of data which shows the role of episodic catchment
inputs with a high N:P ratio in driving initial algal blooms of diatoms and
dinoflagellates. Subsequent recycling of these blooms enhances benthic respiration,
driving down the N:P ratio of the benthic fluxes and hence the water column, leading
to cyanobacterial blooms. To our knowledge, this is the first comprehensive data set
to clearly document this sequence of events within an estuarine context.

Methods
Site Description
The Gippsland Lakes are a large coastal lagoon system in south-eastern Australia (Figure
1). The main body of the lakes occupy ~354 km2, although there are additional ephemeral
areas, such as Lake Reeve, south of Lake Victoria. Lake Wellington in the west is
connected to Lake Victoria via the narrow McLennan’s Strait, while Lakes Victoria and
King are part of the same water body and share similar limnological characteristics (Fryer
and Easton 1980). Lake Wellington is shallow with an average depth of 2.6 m, and is
well mixed. The salinity varies from predominantly fresh in wet years up to salinities >20
in drought years. Prior to 1968, Lake Wellington was dominated by macrophytes;
increased salinities caused by a drought in that year killed these plants and the lake has
since been dominated by phytoplankton (Robinson 1995). Lakes Victoria and King are
deeper basins with average depths of 4.8 and 5.4 m respectively, and are generally highly
stratified, particularly in high flow years, leading to periodic hypoxia of the bottom waters
(Bek and Bruton 1979; Webster et al. 2001). The lakes have undergone significant
ecological change since an artificial sea-entrance was constructed in 1889, largely due to
increased salinity from tidal inflows of seawater. Increases in catchment nutrient inputs
over the same period have caused the lakes to become eutrophic, and blooms of the toxic,
nitrogen fixing cyanobacterium, Nodularia spumigena are a recurring problem (Stephens
et al. 2004).
Seven major rivers drain into the Gippsland Lakes. The Latrobe River (which is joined
near its downstream end by the Thomson and Macalister Rivers), and the Avon River
flow into Lake Wellington from the west, while the Mitchell, Nicholson and Tambo
Rivers flow into the north of Lake King (Figure 1). A number of smaller creeks, rivers
and drains also flow into the Lakes, but those mentioned above provide the majority of
water and nutrient inputs into the lakes (Grayson et al. 2001). The lakes drain into Bass

13

Strait via the artificial opening at Lakes Entrance. The average flushing time of the lakes
(defined as the volume of the lakes divided by the net freshwater input) was estimated to
be an average of 206 days between 1975 and 1999 (Webster et al. 2001). Tidal flushing
is minimal owing to the relatively low tidal amplitude of the region and a single narrow
entrance. The dominant mechanism of seawater exchange with Lakes King and Victoria
is through exchange driven by seasonal changes in the sea level on the order of 30 cm.
The lakes system is a major commercial and recreational fishery, as well as a popular
tourist destination. Nuisance cyanobacteria (blue-green algae) blooms have in recent
years become frequent and widespread. The most common potentially toxic species is
Nodularia spumigena, although other cyanobacterial species for which blooms have
been documented include species of Anabaena and Microcystis. In the summer of
2007-8, the first recorded large-scale bloom of the picoplanktonic cyanobacterium
Synechococcus sp. occurred in the lakes.
The climate of this region is temperate, and there is large year-to-year variation in
rainfall; long periods of drought and high intensity rainfall events are both common
(flow coefficient of variation = 0.55). High flow events tend to occur in winter or
spring, while in summer, baseline flows are typical. The forested upper catchment of
the Gippsland Lakes is prone to bushfires. Recently, the lakes have suffered from a
series of extreme events: generally dry conditions between 1999 and 2007, with
particularly poor flows into the lakes in 1999-2000, 2002-3 and 2006-7; large-scale
bushfires through much of the catchment in the summer of 2006-7 which burned the
catchments of the Latrobe (2%), Thomson/Macalister (57%), Mitchell 41%) and the
Tambo/Nicholson (21%) rivers, equating to a total of 32% of the catchment of the
Gippsland Lakes; and finally major flooding in all of the major source-rivers (apart
from the Latrobe River) in June 2007.
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Figure 1. Top panel shows Gippsland lakes catchment, with the area burned in the 2006/2007
bushfires (dark grey), and the gauging stations on the Latrobe (LR), Thomson (TH), Avon (AV),
Mitchell (MI), Nicholson (NI) and Tambo (TA) Rivers. Bottom panel shows the sample sites used
in the Gippsland Lakes. Black circles indicate long-term EPA monitoring sites, white circles are
sites used for benthic flux measurements and grey circles are recently installed EPA continuous
monitoring stations (NB: some locations are combinations of the above three site types).
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Data sources
The first major water quality monitoring program for the Gippsland Lakes ran from
1976-1978 (Ministry for Conservation 1978) and since then, a number of short-term
studies have been undertaken, as well as several longer term monitoring programs.
We have attempted to draw together all of the data collected on the lakes – including
river inputs. The majority of the data comes from the Victorian Water Resources Data
Warehouse (www.vicwaterdata.net). Other data has been provided by various
agencies of the State Government of Victoria, including the Victorian Environmental
Protection Authority (EPA), the Victorian Department of Primary Industries (DPI)
and local catchment management authorities. Relevant weather measurements for the
period of interest have been provided by the Australian Bureau of Meteorology.
When combined, the data provide a thirty year data set of river and lake water quality
measurements, including key nutrients (e.g. nitrogen, phosphorus and silicon),
salinity, dissolved oxygen, chlorophyll, benthic flux data, temperature and river flow.
There are several periods of high resolution monitoring, specifically 1976-1978,
1997-1999 and 2004 to 2008, while there are also some notable gaps in the data,
especially during the early 1980s. In cases where a particular site had missing data
and data for this missing period was available from another, nearby or related site, this
alternate data was inserted into the data set, with adjustments made for catchment size
if necessary. Likewise, if two or more agencies used sites that were close together, the
data was pooled into one site. Annual data are reported as June 1 – 31 May. The
reason for this is that the system is very event driven, and careful inspection of the
flow data indicates that major flow events often occurred in June or July (but never
before this), and these flow events strongly influence phytoplankton dynamics in the
lakes up until the following June, when any blooms have usually subsided, and the
cycle begins again.

Load estimates
Loads into the Gippsland Lakes were calculated using flows and nutrient
concentrations from the gauged catchments of the Tambo, Nicholson, Mitchell, Avon,
Thomson and Latrobe Rivers as well as the Wellington Main Drain. Loads were
calculated using the Kendal Ratio method (Kendall et al. 1983) stratified for flow
using a spreadsheet routine (Tan et al. 2005), which also calculated the standard
deviation of the loads (Cooper and Watts 2002). Loads for a given year were only
calculated if there was a minimum of 3 concentration measurements, but in general
>10 measurements were used. Flow was stratified for each catchment based on visual
inspection of the data, which divided flows into base flow, high flow and flood events.
To ensure the quality of our data, a number of cross checks were made with load
estimates previously made by the EPA; on average, these were found to be within a
factor of 1.06 of each other.
Simultaneous load estimates for all catchments are only available for 6 years (19781980, 2005-2007), except for the Wellington Main Drain for which we only have 2
years of data. The Wellington Main drain was found to contribute <2% of TN and TP
gauged loads respectively and so we made no further effort to estimate loads from this
source. The combined loads of the Mitchell and Latrobe rivers accounted for 48-88%
(mean 67%) of the gauged TN load and 45-87% (mean 64%) of the gauged TP load.
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There was a virtually continuous load data set available for these two rivers, so the
total loads into the Gippsland Lakes were calculated as the measured loads from the
Mitchell and Latrobe rivers plus the loads measured in the other catchments, where
available. When no load data was available from the other catchments, they were
estimated based on annual log flow log load regressions from years where loads had
been calculated (r2 = 0.60-0.84, mean r2 = 0.75, n > 6). We made no attempt to
estimate inputs downstream of gauged areas or in ungauged catchments or
atmospheric depositions. It has been previously estimated that between 1975 and
1999 ~81% of TN and TP entering the Gippsland Lakes are derived from the gauged
catchments (Grayson et al. 2001), and so our load estimates are likely to be slightly
below the true loads. Atmospheric deposition of nutrients was ignored, as the primary
aim of this work was to relate catchment inputs to responses in the Gippsland Lakes,
this implicitly assumes atmospheric deposition is relatively constant.

Annual lake averages
Continuous – although sometimes sparse – data from in-lake monitoring is available
from 1986-2008 for surface waters, and from 1989- 2008 for bottom waters. Average
concentrations of key nutrients were calculated as an average of the four long-term
monitoring sites in Lakes Victoria and King, i.e. Lake Victoria Central (LVC), Lake
King South (LKS), Lake King North (LKN) and Lake King East (LKE, Figure 1).
Lake Wellington data was excluded from these averages because it has different
limnological characteristics, including low salinity and little or no stratification, and
because nuisance cyanobacterial blooms always occur in Lakes King and Victoria.
Data was often sporadic, and so in order to ensure that high frequency data collection
did not bias the data towards a particular time of year, each value was weighted based
on the time between the measurements taken before and after it.

Benthic fluxes
Benthic fluxes were measured using benthic chambers deployed in-situ. The chamber
design has been previously described in detail (Nicholson et al. 1999). Briefly, each
chamber enclosed 7-10 L of water over an area of 0.09 m2. The chambers were
stirred with a paddle stirrer at a rate sufficient to create a diffusive boundary layer
thickness of 0.3-0.4 mm. The volume of the chamber was calculated from the dilution
of caesium injected into the chamber at the start of deployment. Between two and
four benthic chambers were deployed at each site, and benthic fluxes were estimated
by the change in concentration of metabolites within the chambers over time.
Replicate transparent and opaque chambers were used to account for the effect of
benthic primary production on metabolite fluxes. Chambers were deployed for 6-24
hours. All nutrient samples were analysed at the Marine and Fisheries Research
Institute (MAFRI) using standard methods (Grasshoff 1983). Samples for pH were
analysed in the field using a high-precision electrode and meter. Alkalinity was
estimated by Gran titration of samples with dilute standardised HCl. Caesium
concentrations were measures using flame atomic absorption analysis. Benthic fluxes
were calculated by linear least-squares regression of metabolite concentration on time;
only linear portions of the concentration/time plots were used to estimate fluxes.
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Results
Historical flows and phytoplankton blooms
Flow into the lakes follows a seasonal pattern, with high winter/spring flows, and low
summer/autumn flows (Figure 2). Records of algal blooms (the horizontal lines in
Figure 2) are patchy, and detailed information about location, strength and persistence
are generally lacking. Since 1985, there have been seven recorded non-cyanobacterial
blooms (usually diatoms or dinoflagellates) and twelve cyanobacterial blooms
(including two that occurred in the same hydrological year, 1989-90).
Diatom/dinoflagellate blooms have only occurred during or directly following very
high flow events, as indicated in Figure 2. The dinoflagellate bloom reported in late
autumn 2004 appears to be an exception, but even this followed a significant rainfall
event in April 2004. Nodularia spumigena blooms occur in the summer, with the
exception of the July 1989 bloom. Three cyanobacterial blooms were recorded that
were not Nodularia; an Anabaena bloom in January 1986, a Microcystis bloom in
January 1993 and a Synechococcus bloom from December 2007 to July 2008. The
temperature data indicate that cyanobacterial blooms only occur when the air
temperature exceeds 20 °C, with the exception of the aforementioned July 1989
bloom. It appears that average summer temperatures are sufficient for a
cyanobacterial bloom to occur; above average temperatures are not required.

Water quality time series and bloom development
A time series of salinity, DIN, FRP and silicate data from site LKS for the period
1986-2008 reveals some general information about the onset of cyanobacterial blooms
(Figure 2). Nodularia blooms always occurred when the salinity was between 15 and
20. The Synechococcus bloom likewise occurred when the salinity was around 17,
whereas the Microcystis bloom occurred at a much lower salinity, of around 5.
Stratification (as seen in the salinity difference between surface and bottom waters)
was generally quite high when blooms occurred, although short term mixing events
are likely to be missed given the one to two-month sampling regime that usually
occurred. DIN was usually low (<0.5 µM) in the period preceeding Nodularia
blooms, and in several cases, DIN then increased dramatically following the onset of
bloom (e.g. 1988, 1990, 1997 and 1999). FRP, and particularly bottom water FRP,
was generally high (>1 µM) in the period just preceding or at the time of the onset of
the cyanobacteria blooms. DIN:Si was nearly always well below one, indicating that
silicate was unlikely to be a regularly limiting resource in this system.
A more detailed time-series of water quality data is available for the periods 19972000 (which also includes benthic flux data) and 2006-2008 (Figure 3 and Figure 4).
These capture the periods leading up to major floods and subsequent blooms of
Nodularia and Synechococcus respectively. The year 1997 was a drought year, with
low flows into the lakes, low benthic fluxes and consequently low nutrient
concentrations. There was a Nodularia bloom in January 1997 (see also Figure 2),
after which chlorophyll a declined and then remained low throughout the rest of the
year. A large inflow occurred in June 1998, bringing with it a large pulse of nutrients,
particularly nitrogen, which can be seen in the surface water data. Chlorophyll a
levels began to rise following this flow event, and peaked in August, when a
dinoflagellate bloom was evident. Following the bloom, concentrations of filterable
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reactive phosphate (FRP) and dissolved inorganic nitrogen (DIN) dropped within the
surface waters to <0.5 µM. The bottom water was anoxic throughout August and
September, and NH4+ and FRP sediment flux rates increased. In February 1998, a
second bloom occurred; this time of Nodularia, coinciding with a slight mixing event
as evidenced by the change in salinity in the surface and bottom water. During this
bloom, surface TN:TP was well above the Redfield Ratio, while the dissolved
portions (DIN:FRP) were well below Redfield, indicating nitrogen fixation; a similar
situation has been observed in Lake Alexandrina in South Australia (P. Cook,
submitted).
The time series for 2006-2008 captures a similar series of events, with 2006 having
the lowest recorded inflow to the lakes over the 30 year data set. Nutrient
concentrations in the surface and bottom waters during this year were generally
similarly low, indicating a lack of stratification. An inflow event with a similar
magnitude to and timing to the 1998 event took place in June 2007, resulting in a
marked increase in nutrient concentrations within the water column and a marked
jump in the DIN:FRP and TN:TP ratios to >80 and >40 respectively. A dinoflagellate
bloom was observed in August 2007, as reflected by the increase in chlorophyll a.
We note that the peak chlorophyll a concentrations were most likely missed, because
of the low frequency of the sampling campaign. Concentrations of DIN and FRP
dropped markedly, although they remained elevated. In November 2007, the
phytoplankton community was dominated by Synechococcus and chlorophyll a levels
rose markedly. Despite the high chlorophyll a concentrations, DIN concentrations
nearly always remained in excess of 1 µM, from October to February, and were higher
than the concentrations recorded over the similar period in 1998 by a factor of 10 on
average. The Synechococcus bloom persisted over the summer and into the winter of
2008.

Catchment nutrient loads
Because nutrient loads are strongly related to flow the highest loads occurred in wet
years and the lowest loads in dry years. River flow exerted the overwhelming control
over nutrient loads over the 30 year data set, with the highest loads generally
occurring in the wetter period from 1985 to 1995, followed by generally lower loads
in the drier period from 1999 to the present. For TN, TP and NOx, the highest loads
(6000, 870 and 2000 tonnes, respectively) were observed in the flood year of 2007-8
(Figure 5) which followed one of the largest bushfires on record that burned the upper
catchments of the Avon, Thomson, Mitchell, Nicholson and Tambo Rivers. The spike
in nutrient loads was derived solely from the burned catchments, with the unburned
Latrobe River making a negligible contribution to the total nutrient loads (data not
shown). The year 1978-9 had the second highest TN and NOx loads (4000 and 1000
tonnes, respectively), and was also a flood year with the largest recorded total inflow
into the lakes over the data set (larger than 2007-8 by a factor of 2). High TP loads
were also observed in 1995-6 (590 tonnes), and were predominantly derived from the
Latrobe River, which flooded in that year. The average molar TN:TP ratio of the
loads was 22. The lowest TN:TP ratios occurred in the 1995-6 Latrobe River flood
year. The NOx:FRP ratios were generally in excess of 40 and were on average 50 for
the loads calculated from the data set (NB: ammonia data are not available for the
catchments, and if included, the DIN:FRP ratios would be even higher). Interestingly,
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the year with the second highest NOx:FRP load ratio was 2007-8, which was also one
of the years with the lowest TN:TP ratio.

In-lake nutrients and chlorophyll a
Annual average chlorophyll a concentrations varied between 2.5 µg L-1 in 2006-7 up
to 25 µg L-1 in 2007-8 and 28 µg L-1 in 1987-8, coinciding with the Synechococcus
bloom and a Nodularia bloom, respectively (Figure 6). Other notably high
chlorophyll a concentrations occurred in the years 1996-7, 1998-9 and 2001-2, which
were also years in which Nodularia blooms occurred. There was no clear trend in
chlorophyll a concentration over time in the data set. Annual average TN
concentrations within the Gippsland Lakes generally ranged between 25 and 45 µM
(Figure 6). The Nodularia bloom year of 1987-8, and the post-fire flood year of
2007-8 stood out, having much higher TN concentrations, >70 µM. Other years with
notably high TN concentrations – particularly in the surface waters – were 1995-6,
1996-7, 1998-9 and 2001-2, all of which coincided with blooms of Nodularia. The
concentrations of TN were generally similar within the surface and bottom waters.
TP concentrations generally fell within the range of 1-2.5 µM and were almost always
slightly higher in the bottom waters (Figure 6). As for TN, 2007 stood out as having
extremely high TP concentrations, >4.1 µM in the surface waters. Surface DIN
concentrations were highly variable, ranging from <1 µM in dry years up to 9.9 µM in
the surface waters in the post-fire flood year of 2007-8. DIN concentrations were
always highest in the bottom waters, with the highest bottom water concentration
being observed in the cyanobacterial bloom years 1989-90, 1995-6, 1998-9 and 20078, where the average DIN concentration was between 10 and 13 µM (Figure 6). FRP
concentrations ranged between 0.17 and 1.7 µM and showed a very similar pattern to
DIN, with the highest concentrations being observed in the bottom waters (Figure 6).
DIN:FRP ratios were always 16 or below in the the bottom waters and were generally
<10 (Figure 6). DIN:FRP ratios in the surface water were also generally less than 10,
although they exceeded the Redfield ratio in the surface waters in the 2007-8.
There was a weak, but significant positive correlation between annual average
chlorophyll a and total annual (1 June – 31 May) inflows into the lakes, excluding
years with Nodularia blooms (Figure 7). Excluding Nodularia bloom years, annual
loads of TN and TP had a strong relationship with chlorophyll a although this was
clearly non-linear, with chlorophyll a concentrations tending to plateau at high
nutrient loads. A logarithmic fit to the data showed that flow, TN and TP loads
explained 35, 61 and 67 % of the variance respectively. For years in which Nodularia
blooms occurred, there was no relationship between chlorophyll a and flow, TN or TP
loads. Between the years 1985-86 to 2007-08, cyanobacterial blooms were recorded
in 10 out the 13 highest TN and TP load years. The years 1988, 1991 and 1993 were
the three exceptions, for which we can see no clear explanation.

Benthic recycling
Intensive campaigns to measure benthic fluxes were undertaken in 1997 (drought
year), 1998 (flood year) and 2002 (slightly below average flow). For consistency,
only data from sites LKS (Lake King South) and LVE (Eastern Lake Victoria) were
used, as these were the only sites used in all three years. The results are summarised
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in Table 1. Carbon mineralisation rates and N and P nutrient fluxes were lowest in
1997. Relatively little dissolved N and P was released from the sediment compared to
carbon, relative to the mineralisation of phytoplankton at the Redfield ratio
(106C:16N:1P), indicating high denitrification rates and P storage within the
sediment. The DIN:FRP flux ratio was, however, close to the Redfield ratio. Nutrient
release rates from the sediment were substantially higher in 1998 and 2002, but there
was still a net deficit in DIN release from the sediment relative to that expected for the
mineralisation of phytoplankton (TCO2:DIN = 10 and 13 respectively, Table 1),
indicating that denitrification was still a significant loss of N. In 1998, however, FRP
was released slightly in excess of that expected from Redfield type phytoplankton,
indicating a net mobilisation of P stored within the sediment. The net result of this
was a drop in the DIN:FRP flux ratio to 8 consistent with a preferential release of P
over N from the sediment. The benthic fluxes of DIN were between 8 and 13 times
the catchment TN loads and the FRP fluxes were between 11 and 35 times the
catchment loads. The TCO2:SiO4 flux ratio was close to the ratio of 6.6C:1Si
expected for the mineralisation of diatomaceous material.

Table 1. Annual average benthic fluxes of TCO2 and nutrients (mol m-2 y-1) measured in benthic
chambers deployed under light and dark conditions at sites Lake King South, and Eastern Lake
Victoria. Chambers were deployed four times per year, n = 19, 41 and 14 deployments for 1997,
1998 and 2002 respectively. Values shown in brackets are the standard error of the mean.

Year

TCO2

DIN

SiO4

FRP

TCO2:
DIN

TCO2:
SiO4

TCO2:
FRP

DIN:
FRP

DIN flux/
TN load

FRP flux/
TP load

1997

8 (4)

0.7 (0.2)

1.0 (0.2)

0.04 (0.01)

11

7.8

198

18.1

7.7

10.7

1998

17 (2)

1.7 (0.2)

2.0 (0.2)

0.21 (0.03)

10

8.7

81

8.1

4.9

12.6

2002

15 (3)

1.1 (0.3)

2.0 (0.4)

0.10 (0.03)

13

7.5

155

11.7

13.1

35.3
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Figure 2. Long-term monitoring data for Lake King South (site LKS). Total flow is the summed
flow recorded at all of the major catchment rivers, and maximum air temperature is from
Bairnsdale Airport. The vertical lines represent reported blooms; the short dashed lines
represent diatom and/or dinoflagellate blooms (labelled D) and the long dashed lines represent
cyanobacterial blooms (labelled N for Nodularia, A for Anabaena, M for Microcystis and S for
Synechococcus).
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Figure 3. A time-series of water quality parameters and benthic flux data from 1997-2000 at site
Lake King South (LKS) in the Gippsland Lakes. Error bars show the standard error of benthic
flux measurements.
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Discussion
Biogeochemical controls of nitrogen and phosphorus
There was a substantial shift from the TN:TP ratio of the loads entering the Gippsland
Lakes compared to that actually observed within the Lakes, particularly the DIN:FRP
ratio found in the bottom waters (Figure 8). This has substantial ecological
implications in terms of the phytoplankton taxa that are likely to dominate the water
body (see below) and, as such, the mechanism driving this shift requires careful
examination. Annual benthic fluxes of FRP and DIN were 8-35 times the catchment
loads of TN and TP, indicating that nutrient inputs to the Gippsland Lakes are rapidly
modified by benthic recycling. On average, the DIN:FRP ratio of all of the benthic
flux measurements was ~9, which is close to the mean DIN:FRP ratio of 6 (19972000) in the bottom water. Denitrification clearly plays a crucial role in driving down
TN:TP ratios, because in nearly all cases, there was a deficit in DIN release to the
water column compared to that expected for the mineralisation of organic matter with
a Redfield C:N ratio of 6.7 (Figure 9a). The assumption that Redfield-type algal
material was the source of nutrients undergoing mineralisation within the sediment at
the sites of benthic chamber deployments is justified by carbon stable-isotope
measurements, lipid biomarkers and sediment C:N ratios in Lakes Victoria and King
(McGhie et al. 1998), all of which were consistent with a phytoplanktonic source of
organic matter dominating sediment nutrient inputs. Moreover, direct measurements
of N2 fluxes confirmed that these were similar to the observed stoichiometric
discrepancy between DIN and FRP (Roberts et al. 2003).
While there is considerable scatter in the FRP flux rates relative to the TCO2 rates,
there is an increased release of FRP relative to the Redfield C:P ratio of 106:1 at
benthic mineralisation rates above ~80 mmol m-2 d-1 (Figure 9b). At mineralisation
rates above 80 mmol m-2 d-1, the average C:P ratio was 92, whilst the C:P ratio below
mineralisation rates of 80 mmol m-2 d-1 was 108. As such, there appears to be a close
match between the expected release of FRP based on Redfield stoichiometry at low
respiration rates, and a slight excess at higher respiration rates, suggesting a
remobilisation of FRP stored within the sediment. Overall, these differences in DIN
and FRP recycling led to fluxes with DIN:FRP ratios slightly above the N:P Redfield
ratio of 16:1 at low mineralisation rates, dropping below this at mineralisation rates
above 80 mmol m-2 d-1 (Figure 9c). The rate of carbon mineralisation within the
sediment, therefore, played a critical role in controlling the ratio of DIN:FRP released
from the sediments.
The basic finding that P is efficiently recycled within the Gippsland Lakes is
consistent with many studies on coastal sediments and is generally attributed to high
rates of sulfate reduction leading to the production of free sulphide, which in turn
traps Fe3+ as FeS, thus preventing the binding of FRP to Fe(III) oxyhydroxides within
the sediment (Caraco et al. 1989; Howarth et al. 1995; Jordan et al. 2008). This may
not always be the case, however (Howarth and Marino 2006), and the dynamics of
these interactions and controlling factors such as carbon mineralisation rates have
received limited attention. A study on the dynamics of Fe bound FRP, FRP fluxes
and sulfate reduction in Aarhus Bay, Denmark found that there was a net storage of P
within the sediments at low sulfate reduction rates owing to adsorption onto Fe(III)
oxyhydroxides. At high sulfate reduction rates, increased sulphide production led to
the release of the stored P pool through the reduction of Fe(III) oxyhydroxides and
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immobilisation of Fe2+ into FeS (Jensen et al. 1995). Measurements of the P pools
within the Gippsland Lakes have shown that P associated with reducible Fe comprises
~25% of the total Fe within the top 2 cm of sediment (Monbet et al. 2007), which is
similar to the range of ~25-50% observed in the Aarhus Bay study. Whilst there are
no measurements of sulfate reduction within the Gippsland Lakes, the relative benthic
fluxes of TCO2 and O2 can be used to obtain an estimate of the importance of suboxic processes within the sediment. Algal material undergoing aerobic mineralisation
would be expected to have an O2:TCO2 ratio of ~0.92-1.27 with NH4+ as the end
product (Anderson et al. 1986). Assuming that carbonate precipitation and dissolution
are negligible, a ratio below this generally implies sub-oxic respiration and storage of
reduced compounds within the sediment. In coastal sediments with low NO3concentrations, these sub-oxic processes are likely to be dominated by Fe and sulfate
reduction and associated FeS burial. Conversely, at O2:TCO2 ratios above 0.92, one
would expect a net oxidation of reduced solutes such as FeS to be taking place
(Anderson et al. 1986). As such, O2:TCO2 flux ratios provide a proxy for the
oxidative state of the sediment and hence the potential availability of Fe(III)
oxyhydroxides for FRP sorption. It can be seen in Figure 10 that the O2:TCO2 flux
ratio has a strong influence on the FRP flux (much clearer than TCO2 alone), with a
clear trend towards lower fluxes at O2:TCO2 ratios above 0.92, as would be expected.
Dissolved oxygen concentrations are well known to exert a strong control over FRP
release from coastal sediments (Ingall and Jahnke 1997; Kemp et al. 2005; Koop et al.
1990). In this study, DO also had an influence (albeit weaker than TCO2) on FRP
fluxes, if the outlying high FRP fluxes at high DO are ignored (Figure 11). These
outlying data points also showed high DIN and FRP fluxes relative to carbon
mineralisation (Figure 9), and were all measured at the same site, Eagle Point Bay in
Lake King, during August 1998. This strongly suggests that these nutrient fluxes
originated from a source other than phytoplankton mineralisation and we justify
excluding them on this basis. Fundamentally, bottom water DO will have a strong
influence over FRP release because it exerts a major control over the flux of O2 into
the sediment. In the absence of, or at low DO, Fe(III) oxydroxides will undergo
reductive dissolution releasing FRP. The rate at which this occurs, though, is strongly
dependent on the carbon mineralisation rate, so DO concentrations and mineralisation
rates will both exert a controlling influence over FRP fluxes. This was confirmed by
multiple regression analysis (MRA), which showed that DO concentrations and
carbon mineralisation rate could both significantly (p<0.001) and independently (as
indicated by good co linearity diagnostics) contribute to a model to describe FRP
fluxes which described 50% of the variance, when the aforementioned data points
were excluded from the analysis. The following regression equation was obtained
FRP flux = 0.01TCO2 - 0.002DO + 0.170
Similar attempts to describe the DIN:FRP flux ratios using MRA showed that only
TCO2 fluxes contributed significantly (p=0.05) to the variance, an observation which
is to be expected based on visual inspection of Figure 9 and Figure 11. The finding
that benthic respiration plays a critical role in both the absolute amount of FRP, and
its release relative to DIN is significant and highlights the need for management
actions to control carbon loading to the sediments.
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Our overall finding that internal nutrient recycling shifts the Gippsland Lakes strongly
towards N limitation is consistent with studies of the Baltic Sea (Vahtera et al. 2007).
This is also consistent with the hypothesis that eutrophication will favour P recycling
over N, thus pushing ecosystems further towards P limitation and cyanobacterial
blooms, where the physical conditions are favourable (Howarth and Marino 2006).
The dynamics and ecological implications of this shift are graphically illustrated by
examining a detailed time series of data spanning a major flood event and the
subsequent progression of phytoplankton blooms (Figure 3). Prior to the flood event
in July 1998, the water column of the Gippsland Lakes had relatively low
concentrations of DIN and FRP and the algal biomass was low. Benthic fluxes of
FRP and DIN were relatively low and the DIN:FRP ratio was generally at or above
16. The inflow event dramatically increased the concentrations of DIN in both the
surface and bottom waters, increasing the DIN:FRP and TN:TP ratio above 40. A
diatom and dinoflagellate bloom, ensued, rapidly depleting the DIN in the water
column. Benthic mineralisation rates increased after the bloom, dramatically
increasing the benthic FRP flux, whilst reducing the DIN to FRP sediment flux ratio
to <10. Persistent stratification allowed the build up of DIN and FRP in the bottom
water with a DIN:FRP ratio of 6. This nutritional status of the water column then set
the scene for a Nodularia bloom, which then further increased the carbon loading to
the bottom waters and the sediment, depleting the DO in the bottom water and thus
stimulating a further release of FRP from the sediment.
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Figure 8. The annual average DIN:FRP ratio within the bottom waters of the Gippsland Lakes
versus the TN:TP ratio of the annual loads entering the lakes. The error bars represent the
standard error about the mean for DIN:FRP ratios in the bottom water and the standard
deviation of the mean for the TN:TP loads.

30

40

-1

DIN Flux (mmol m d )

a

C:N=106:16

-2

30

20

10

0
4
C:P=106:1

3

-2

-1

FRP Flux (mmol m d )

b

2

1

0
120
Running average
N:P=16:1

c
DIN:FRP flux ratio

100

80

60

40

20

0
-100

0

100
-2

200

-1

TCO2 flux (mmol m d )
Figure 9. (a) Dissolved inorganic nitrogen (DIN) fluxes, (b) filterable reactive phosphorus (FRP)
fluxes and (c) the DIN:FRP flux ratio versus TCO2 observed in all chamber incubations
undertaken within the Gippsland Lakes between 1997 and 2003. Error bars represent the
standard error about the mean. Marked outliers are discussed in the text.

31

3

-2

-1

FRP flux (mmol m d )

4

r2 = 0.34
-2.5x
y = 1.5 x 10

2

1

0
0.0

0.5

1.0

1.5

2.0

2.5

O2/TCO2 flux
Figure 10. FRP flux versus the O2/TCO2 flux ratio observed in all chamber incubations
undertaken in the Gippsland Lakes between 1997 and 2003. Error bars represent the standard
error about the mean.

32

DIN flux (mmol m-2 d-1)

25

20

15

10

5

0

FRP flux (mmol m-2 d-1)

4

3

2

1

0

DIN:FRP flux ratio

80

60

40

20

0
0

50

100

150

200

250

300

350

Dissolved O2 (µM)
Figure 11. (a) Dissolved inorganic nitrogen (DIN) fluxes, (b) filterable reactive phosphorus (FRP)
fluxes and (c) the DIN:FRP flux ratio versus the dissolved O2 concentration in the water column.
Marked outliers are discussed in the text.

33

Response of phytoplankton to nutrient dynamics
There was a clear relationship between total phytoplankton biomass (outside
Nodularia bloom years) and nutrient loading, indicating the importance of catchment
inputs to phytoplankton dynamics. In general, winter/spring flood events brought in
high nutrient loads, and led to stratification in the lakes, with a dinoflagellate and/or
diatom bloom rapidly ensuing. These organisms were able to dominate in the low
temperature and high nutrient conditions. Reports from the Gippsland Lakes often do
not distinguish between diatoms and dinoflagellates, but dinoflagellate blooms have
been specifically reported in 1971, 1988, 1998, 2006 and 2007, and are probably the
most common, non-cyanobacterial bloom taxa. A detailed study of the phytoplankton
bloom in December 1988 (Longmore 1994) showed a transition from a mixed diatom
and dinoflagellate population at the start of the bloom, to a population dominated by
dinoflagellates as the bloom progressed, and, although data is lacking for other years,
this is likely to be a typical sequence
Dinoflagellates probably dominate these post-flood blooms not because silicate levels
are low, which has been suggested as a common cause (Turner 2002), but because of
persistent stratification of the water column. Diatoms require N:Si in approximately
1:1; and at ratios above this dinoflagellates may dominate. Egge and Asknes (1992)
found that Si concentrations above 2 µM were required for diatoms to dominate in
mesocosm experiments. Silicate levels in the surface waters of the Gippsland Lakes
are generally quite high, and on only two occasions have the DIN:SiO3 gone
significantly above 1:1, in July 1998, when there was a dinoflagellate bloom, and in
March 1999, when there was not (Figure 2): in both cases, the silicate concentration in
the surface water was greater than 20 µM (data not shown) and is unlikely to have
been limiting. As such, it does not appear that Si is a major factor leading to
dinoflagellate dominance over diatoms in the Gippsland Lakes.
The lakes were typically highly stratified following inflow events and nutrients
remained high in the bottom waters after depletion in the surface waters (Figure 3).
Dinoflagellates are well known to dominate algal blooms under stable stratified
conditions such as those observed here (Smayda 1997). One of the critical reasons for
this is their motility, which allows them to migrate between light-rich surface and
nutrient-rich subsurface waters, which gives them a distinct advantage over other
algal taxa, such as diatoms, which require regular mixing of the water column to keep
them supplied with nutrients and to stop them from permanently sinking out of the
euphotic zone (Smayda 1997). Dinoflagellate blooms in the Gippsland Lakes
typically declined in spring when DIN concentrations in the surface and subsurface
waters dropped below 3 µM, which is below or close to the half saturation constants
for DIN that have been reported for dinoflagellates (Smayda 1997). This also
coincided with a drop in the DIN:FRP ratio to <20, and an increase in the water
temperature, setting the scene for cyanobacterial dominance.
Summer blooms of phytoplankton were dominated by cyanobacteria, in particular the
nitrogen-fixing Nodularia spumigena, and there are several factors that may have
contributed to these blooms. Firstly, and most critically, N:P ratios are known to play
an important role in cyanobacterial dominance, with molar N:P ratios <15 favouring
cyanobacteria – in particular heterocystous nitrogen-fixing species such as Nodularia
– in both marine and freshwater ecosystems (Kahru et al. 2000; Paerl 2008). The
Gippsland Lakes had a very low DIN:FRP ratio of ~6 in the bottom waters (see
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previous section), as well as periods of extremely low DIN in the surface water (~0.2
µM), strongly favouring cyanobacterial growth. Secondly, P supply is also known to
exert a strong influence on the growth of cyanobacteria (Hakanson et al. 2007; Smith
1990), and there was periodically a large supply of P from the sediments, triggered by
winter and spring phytoplankton blooms as discussed in the previous section. The
strong linkage of cyanobacterial blooms to catchment inputs is illustrated by the fact
that the 11 reported cyanobacterial bloom years occurred in the 19 years with the
highest TP loads. There was, however, no clear relationship between chlorophyll a in
Nodularia bloom years and catchment nutrient loads, which contrasts to other years
when a strong relationship between catchment inputs and chlorophyll a was observed
(Fig x). We attribute this decoupling of biomass from external loading to several
factors. Firstly, Nodularia are capable of nitrogen fixation, thus alleviating the need
for an external nutrient supply. Secondly, as was discussed in the previous section,
the depletion DO in the bottom waters and increased organic carbon loading to the
sediment induces the release of P stored within the sediment. The supply of P to the
Nodularia bloom is thus ultimately controlled by physical factors such as mixing and
stratification of the water column. Under the right physical conditions, the supply of
nutrients to the bloom is virtually self sustaining, which explains why such a large
biomass of Nodularia was able to develop in the bloom year of 1987-88 which had
moderate catchment inputs.
The biogeochemical recycling of catchment derived nutrients also allowed a strong
temporal decoupling of the bloom from catchment inputs. This observation is
remarkably similar to the findings of previous studies of the Peel-Harvey Estuary
(Lukatelich and McComb 1986). In the case of the Peel-Harvey Estuary, high winter
phosphorus inputs were trapped by winter diatom blooms and subsequent benthic
recycling of P triggered the commencement of Nodularia blooms in OctoberNovember. This is substantially earlier than the blooms observed in the Gippsland
Lakes and we ascribe this difference to two factors: firstly, the water temperature in
the Peel-Harvey Estuary was much warmer than the Gippsland Lakes, with
temperatures generally exceeding 20 °C by mid spring and so temperature limitation
of Nodularia growth was alleviated much earlier in the season; secondly, the main
basin of the Gippsland Lakes is much deeper and more strongly stratified than that of
the Peel-Harvey Estuary, which was well mixed. This meant that P released from the
sediment in the Gippsland Lakes accumulated in the bottom water until it was
sporadically released into the surface waters by mixing events. In the case of the
Peel-Harvey Estuary, P released from the sediment was immediately available for
uptake by Nodularia, allowing the earlier onset of the bloom. As such, the
occurrence of cyanobacterial blooms is linked to catchment nutrient inputs, but
through an internal “biogeochemical filter” which decouples their timing and
magnitude from the input event.
Based on observations from Lake King south (LKS, see Figure 1), which is indicative
of conditions throughout Lake King and Lake Victoria, where all Nodularia blooms
were observed, the prerequisite conditions for a Nodularia bloom in the Gippsland
Lakes appears to be strong stratification during the summer months, with very low
DIN (< 0.5 µM) in the surface waters, and a build up of FRP in the bottom waters
(Figure 2). In the case of the 1999 Nodularia bloom, a short period of strong winds
following a period of relative calm resulted in a mixing of FRP into the surface
waters, and this seems to have triggered the bloom (Figure 3). This scenario bears a
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close resemblance to outbreaks of Nodularia blooms in the Baltic Sea, which occur
when low N:P bottom water mixes with surface water during warm, calm periods
(Kanoshina et al. 2003; Stipa 2002). Salinity evidently also played a strong role in the
development of Nodularia blooms, with bloom commencement always being
observed in the salinity range 15-20 (Figure 2). This is higher than the salinity range
of 5-15 reported for the optimum growth of Nodularia in the Baltic Sea, and the
commencement of Noduluaria blooms in other Australian estuaries (Jones et al. 1994;
Kanoshina et al. 2003; Lukatelich and McComb 1986; Mazur-Marzec et al. 2006).
Nodularia blooms were found to collapse at salinities in excess of 30 in the PeelHarvey Estuary. The fact that blooms occurred in years of high TP loads in the
Gippsland Lakes is therefore likely to be partly driven by the fact that high load years
correlated with low later spring-early summer salinities in the surface waters of the
Gippsland Lakes. During February 2005, high concentrations of FRP and relatively
low concentrations of DIN were observed in the surface waters of Lake King,
however, no Nodularia bloom was observed, which may be explained by surface
water salinities that exceeded 20.
The hydrological years 1991-2, 1992-3, 1993-4 and 2007-8, were high flow and and
high TP load years which were notable for the absence of a Nodularia bloom. In
1992 and 2007 Microcystis and Synechococcus blooms were observed, respectively,
while in the other two years, no significant bloom was recorded. The surface water
salinities over the summer months were at times low during these four years and
should not have been inhibitory to Nodularia bloom development. We suggest that an
excess of DIN in the surface waters and high turbulence inhibited Nodularia blooms
in these years. DIN concentrations in these non-Nodularia years were sporadically
>0.5 µM over the summer months, particularly during 2007-2008 when large NOx
loads entered the lakes following bushfires in the catchment (Figure 2). In the
summer of 1991-1992, elevated DIN concentrations in the Lakes coincided with an
unusual summer inflow event in late December to early January. Heterocystous N2
fixing cyanobacteria such as Nodularia have a considerable advantage over other
phytoplankton when DIN concentrations are low, however, they are relatively slow
growing and so they are rapidly out competed by other species and taxa when there is
an availability of DIN; at resource saturation, picoplankton such as Synechococcus
can grow at twice the rate of heterocystis species (Reynolds 2006). High DIN
(particularly ammonia) may also inhibit akinete germination (Huber 1985). Secondly,
the Gippsland Lakes were relatively well mixed in the hydrological years of 1991 to
1993 as evidenced by the frequently low and rapidly changing bottom salinities
(Figure 2). Stratification also plays an important role in the development of
Nodularia blooms, because it allows a store of nutrients (in particular P) to
accumulate in the subsurface waters, which may be released (presumably through
wind mixing) at a period of optimal growth for Nodularia; ie. high water temperatures
and high light. Stratification also benefits Nodularia in another way. Nodularia cells
contain gas vesicles that can imbue positive buoyancy (Walsby 1994). This
characteristic is most useful when conditions are stable, allowing the organism to
accumulate near the surface of the water, monopolising light to the detriment of other
species. De-stratification leads to regular mixing of the water column, which will
remove this advantage of buoyancy. This is also consistent with previous studies of
the Baltic Sea, which have shown that Nodularia blooms do not occur under turbulent
conditions (Kanoshina et al. 2003).
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The Anabaena bloom observed in January 1986 and the Microcystis bloom in 1993
may be a result of particularly low salinities at these times, following major flooding
in the later part of the preceding years (see Figure 2, but note that salinity data is
absent for the period preceeding the 1986 bloom). Other studies have found that
when the salinity is below 3, Nodularia will not grow, and when it increases above
about 3-5, Anabaena and Microcystis populations rapidly decline (Otsuka et al. 1999;
Ryan et al. 2008). The July 1989 Nodularia bloom that was observed in a few small
patches in Lakes King and Victoria (Longmore 1994)stands as the only cyanobacteria
bloom to have occurred in winter (although the 2007-8 Synechococcus bloom
persisted into the winter of 2008).
Of particular note was the large prolonged Synechococcus bloom in the Gippsland
Lakes which lasted well into the winter of 2008. Although the average surface water
chlorophyll a values were slightly lower than for the 1987-8 Nodularia bloom,
separate observations using fluorescence showed that the chlorophyll in the
Synechococcus bloom was spread throughout the water column, and was maximal
several metres below the surface (unlike Nodularia, which accumulates at the
surface), indicating that the surface chlorophyll a measurements were not an accurate
measure of the extent of this bloom. What is different about the 2007-2008 season
that may have led to the unprecedented Synechococcus bloom? Nitrogen may be the
simple answer. In years where Nodularia blooms occur, DIN concentrations are
generally extremely low in the surface waters, clearly favouring nitrogen fixation. In
the summer of 2007-2008 this was not the case. DIN inputs during the floods of the
second half of 2007 were considerably higher than at any other time in the past 30
years: this was due to a combination of very high flows and a marked increased in
nitrogen concentrations, most likely a result of the 2006-2007 bushfires. Relatively
high concentrations of DIN (average concentration ~2 µM) remained in the surface
waters throughout the following spring and early summer (10 times higher than for
the similar flood in 1998), and the system moved from being classed as eutrophic
prior to 2007 to hyper eutrophic in 2007 for both TN and TP according to the
definition of Hakansan et al. (2007). It appears that Nodularia was not able to
compete effectively in this environment, whilst Synechoccocus thrived. This finding
is consistent with previous studies which have found that the dominance of N2 fixing
cyanobacteria decreases at extreme eutrophication in favour of small nonheterocystous cyanobacteria such as Oscillatoriales and Chroococales (Smith 1990).
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